A 1D reactive transport model (RTM) is used to obtain a mechanistic understanding of the fate of phosphorus (P) in the saturated zone of two contrasting aquifer systems. We use the field data from two oxic, electron donor-poor, wastewater-impacted, sandy Canadian aquifers, (Cambridge and Muskoka sites) as an example of a calcareous and non-calcareous groundwater system, respectively, to validate our reaction network. After approximately 10 years of wastewater infiltration, P is effectively attenuated within the first 10 m downgradient of the source mainly through fast sorption onto calcite and Fe oxides. Slow, kinetic sorption contributes further to P removal, while precipitation of phosphate minerals (strengite, hydroxyapatite) is quantitatively unimportant in the saturated zone. Nitrogen (N) dynamics are also considered, but nitrate behaves essentially as a conservative tracer in both systems. The model-predicted advancement of the P plume upon continued wastewater discharge at the calcareous site is in line with field observations. Model results suggest that, upon removal of the wastewater source, the P plume at both sites will persist for at least 20 years, owing to desorption of P from aquifer solids and the slow rate of P mineral precipitation. Sensitivity analyses for the noncalcareous scenario (Muskoka) illustrate the importance of the sorption capacity of the aquifer solids for P in modulating groundwater N:P ratios in oxic groundwater. The model simulations predict the breakthrough of groundwater with high P concentrations and low N:P ratios after 17 years at 20 m from the source for an aquifer with low sorption capacity (b 0.02% w/w Fe(OH) 3 ). In this type of system, denitrification plays a minor role in lowering the N:P ratios because it is limited by the availability of labile dissolved organic matter.
Introduction
Since the early 1960s, concentrations of phosphorus (P) and nitrogen (N) in groundwater have increased worldwide as a result of the agricultural application of manure and synthetic fertilizer (Appelo and Postma, 1996) , and input of wastewater (Wilhelm et al., 1994a) . Although groundwater nitrate concentrations now frequently exceed the maximum permissible limits for drinking water (e.g. 10 mg L − 1 NO 3 -N in the United States (Sayre, 1988) ), elevated phosphate concentrations are less common as P is often immobilized by interactions with aquifer solids. Distinct groundwater P plumes are, therefore, mostly observed close to point sources such as septic systems (e.g. Robertson, 1995; Harman et al., 1996; Ptacek, 1998; Corbett et al., 2002) . Dissolved N and P concentrations in septic effluents can be as high as 3000 and 400 μM, respectively, which is 2-3 orders of magnitude higher than is typical for receiving water bodies (Weiskel and Howes, 1992) .
Discharge of groundwater contaminated with P and/or N to streams, lakes (e.g. Weiskel and Howes, 1992) and coastal waters (Valiela et al., 1990; Wilhelm et al., 1994a; Slomp and Van Cappellen, 2004 ) can lead to a deterioration in surface water quality due to eutrophication. Depending on the N:P ratios of the groundwater and receiving surface waters, groundwater discharge may also lead to a shift in the limiting nutrient for primary production (Slomp and Van Cappellen, 2004 ) and contribute to the occurrence of harmful algal blooms (Valiela et al., 1990; Anderson et al., 2002) . This makes it important to have a quantitative understanding of the major removal processes affecting both P and N in groundwater systems.
Most studies on nutrients in groundwater systems focus on tracking nutrient concentrations along flowpaths (Robertson et al., 1991; Harman et al., 1996; Ptacek, 1998; Corbett et al., 2002; Griggs et al., 2003) . Nitrogen dynamics in groundwater are relatively well-studied. Field studies and mass balance/reactive transport modelling have shown that in some aquifers denitrification, coupled to either organic matter or pyrite oxidation, is the major removal process for groundwater N (Frind et al., 1990; Postma et al., 1991; . Results of combined column experiments and reactive transport modelling (Isenbeck-Schröter et al., 1993; Stollenwerk, 1996) suggest that sorption processes largely control P retention onto aquifer solids. Most of this P is bound to Fe oxides (Robertson, 1995) and calcium carbonate (Cole et al., 1953; Bohn et al., 1985; Corbett et al., 2000) , with the former generally having the highest sorption capacity (Krom and Berner, 1980; Frossard et al., 1995) . This is reflected in typical adsorption coefficients for P on Fe oxides (goethite) that are three orders of magnitude higher than those for calcite (K = 3000 mL g − 1 and 10 mL g − 1 , respectively; Krom and Berner, 1980) . Sorption of P is generally considered to be a two-step process; an initial fast adsorption at high affinity mineral surface sites (Parfitt, 1978 (Parfitt, , 1989 , followed by slow diffusion into micropores or aggregates (Barrow, 1985; Torrent et al., 1992; Slomp et al., 1998; Mikutta et al., 2006) or precipitation of metal phosphate phases (Van Riemsdijk et al., 1984) . Phosphate has the ability to form a number of sparingly soluble secondary minerals of which the most common are strengite (FePO 4 · 2H 2 O), vivianite (Fe 3 (PO 4 ) 2 · 8H 2 O), variscite (AlPO 4 · 2H 2 O) and hydroxyapatite (Ca 5 (PO 4 ) 3 OH) (Nriagu and Dell, 1974; Nriagu and Moore, 1984; Zanini et al., 1998; Robertson, 2003) . So far, little quantitative information is available on the relative roles of fast and slow sorption and mineral precipitation in determining P mobility in groundwater at field sites.
In this study, we present a 1D reactive transport model describing P and N dynamics in groundwater systems. The model is applied to field data for two oxic septic plumes propagating in the saturated zone of two contrasting aquifers, one rich in calcite, the other in Fe oxides (Robertson et al., 1991; Robertson et al., 1998; Robertson, 2003) . Given the low concentrations of dissolved P and associated high analytical uncertainties in the measurements, in particular in the saturated zone of the Fe oxide-rich aquifer, the aims of this modelling exercise are to capture the trends in nutrient concentrations in two contrasting aquifers using a process-oriented model, to predict their evolution in time and to assess their sensitivity to changes in P input. In addition, we address the role of fast and slow sorption processes in limiting P concentrations in groundwater, as well as the key factors controlling groundwater N:P ratios.
Model description
The biogeochemical processes that determine groundwater N and P dynamics are incorporated in the Biogeochemical Reaction Network Simulator (BRNS), a flexible modelling environment for one-dimensional simulations in groundwater, sediments and surface waters (Regnier et al., 2002 (Regnier et al., , 2003 Aguilera et al., 2005 ). In the model, the transport and reaction of solutes are described by:
where v is the average linear velocity (m yr − 1 ), C j is the concentration of a solute (mol m − 3 porewater ), D is the dispersion coefficient (m 2 yr − 1 ) which is equal to the product of dispersivity α L (m) and v, R j is the net rate of transformation of the solute (mol m − 3 yr − 1 ) due to reaction, and N tot is the total number of species. In all our applications, v and D are assumed to be constant in space and time. The term R j can be written explicitly as the sum of all N r reaction rates that modify the concentration of the jth species:
where r m is the rate of reaction and ν mj is the stoichiometric number of species j in the reaction formula. Solids (mol m − 3 total volume ) are considered immobile and hence are only affected by local biogeochemical transformations. The set of coupled partial differential equations (PDEs) is solved through an implicit sequential non-iterative operator splitting approach (SNIA) which makes use of the iterative Newton Method for solving the reaction part. The latter can handle mixed kineticequilibrium reaction systems. Further details can be found in Aguilera et al. (2005) . (Table 1) . Units for solutes and Table 1 The reaction network and kinetic formulations as used in the RTM Description
Main reaction network
Precipitation/dissolution reactions (non-redox) and kinetic sorption Acid/base equilibria and equilibrium sorption Carbonate dissociation
Phosphate dissociation
Fast P adsorption/desorption on Fe oxide ⁎
Fast P adsorption/desorption on calcite ⁎⁎
Parameter values are listed in b Ω = ion activity product / solubility product; If
Ω b 1 → mineral dissolution; h = heavy side operator to switch from precipitation to dissolution and vice versa.
c Assuming a P:Fe ratio of 0.5 (Gunnars et al., 2002) and 10% of Fe(OH) 3 is available for fast sorption (Slomp et al., 1996) ; d Assuming a P:Ca ratio of 0.6 (Freeman and Rowell, 1981 ) and 5% of CaCO 3 is available for fast sorption (Cole et al., 1953). solids are denoted in mM (mmol dm − 3 pore volume ) and mmol dm − 3 (mmol dm − 3 total volume ), respectively. The reaction network includes aerobic dissolved organic carbon (DOC) degradation, denitrification, secondary reoxidation reactions, precipitation/dissolution of calcium carbonate and P minerals, acid-base equilibria and reversible P and NH 4 + sorption. Mineralization of DOC is modelled using the multi-G approach (Westrich and Berner, 1984) , in which the pool of degradable DOC is assumed to be composed of various types of organic matter with different reactivities. Here two fractions of DOC are assumed; a labile fraction in the sewage effluent, which percolates through the unsaturated zone and reaches the water table (DOC 1 ), and a less labile fraction which represents the organic matter present in groundwater under natural conditions (DOC 2 ). Both fractions can be degraded through aerobic degradation and denitrification. The rate laws for DOC degradation (Table 1 ) allow a smooth transition from aerobic degradation to denitrification. When the concentration of O 2 exceeds the limiting value kmo2 (Tables 1 and 2 ), the rate of aerobic degradation is independent of the O 2 concentration. For O 2 concentrations below kmo2, the reaction is limited by O 2 , while denitrification is simultaneously activated. Further details on the implementation of the rate laws for organic matter degradation can be found in Van Cappellen and Wang (1996) , Hunter et al. (1998) and Aguilera et al. (2005) .
The N species included in the model are dissolved NO 3 − and NH 4 + , and adsorbed NH 4 + . Nitrate is produced by nitrification and consumed by denitrification, while NH 4 + is released by aerobic degradation and removed from solution by nitrification and adsorption (Table 1) . Secondary redox reactions, such as nitrification and reoxidation of Fe 2+ from wastewater effluent, are assigned bimolecular rate laws (Table 1 ). Ammonium sorption is described by a linear equilibrium isotherm with a constant dimensionless adsorption coefficient, K n. The porosity ϕ (dm 3 pore water dm − 3 total volume ) is introduced in the model equations (Table 1) to account for the difference in the units of solid and solute species. Dissociation of carbonic acid is included as an equilibrium reaction. Rates of mineral precipitation and dissolution reactions depend on the degree of mineral under-or supersaturation of the groundwater (Table 1) , using the formulations in Van Cappellen and Wang (1996) .
P dynamics
Dissolved P in the system, ΣPO 4 (aq), is distributed between three forms: H 2 PO 4 − , HPO 4 2− , and PO 4 3− , assuming equilibrium. The processes influencing P dynamics include 1) release of P through organic matter degradation, 2) fast reversible sorption on the surface of Fe oxide or calcite 3) slow reversible sorption or diffusion into solid phases, and 4) precipitation/dissolution of the phosphate minerals. Although a large number of phosphate minerals have been identified in solids and sediments (Nriagu and Dell, 1974; Nriagu and Moore, 1984) , we only include the most common ones, hydroxyapatite, vivianite and strengite (Table 1) , for which solubility constants are available.
Phosphorus removal through sorption is constrained by the amount of sorbing phase (Fe(OH) 3 or CaCO 3 ) and maximum solid phase P:Fe and P:Ca ratios. In the Fe oxide-rich aquifer, a maximum P:Fe molar ratio of 0.5 (Gunnars et al., 2002 ) is assumed, while for the calcareous aquifer the maximum P:Ca molar ratio is set to 0.6 (Table 1) , the ratio for hydroxyapatite (Freeman and Rowell, 1981) . Fast equilibrium sorption of P is described by a Langmuir isotherm: Table 2 Model parameters used to simulate N and P dynamics at Cambridge and Muskoka Symbol ( -not applicable; ⁎ additionally constrained through sensitivity analysis, which shows no significant further attenuation even at higher values of longitudinal dispersivities e.g. 5 m. This is, however, in contradiction to other studies, e.g. by Molz and Widdowson (1988) ; Cirpka et al. (1999) , which demonstrate that mixing of an electron acceptor (e.g. O 2 ) can cause attenuation.
where P s-fast is the concentration of P sorbed through equilibrium sorption (mol dm − 3 ) and X T is the maximum capacity of the aquifer solids (Fe(OH) 3 or CaCO 3 ) for fast sorption (mol dm − 3 ).In the Fe oxide-rich aquifer, 10% of the Fe(OH) 3 is assumed to be available for fast sorption (Slomp et al., 1996) , so that X T = 0.1 ⁎ Fe(OH) 3 (Table 1) . Similarly, 5% of the CaCO 3 is available for fast sorption (Cole et al., 1953) . Dimensionless adsorption coefficients, K p , for Fe oxide and CaCO 3 -containing sediments (Krom and Berner, 1980) , corrected for ambient porosity (Table 2) , were used to constrain the value of the sorption constant K L (M − 1 ) (Eq. (3)). The calculation of K L is based on the near-linear behaviour of the Langmuir isotherm at low dissolved P concentrations. The product of the sorption constant K L (M − 1 ) and X T , divided by ϕ, is then equivalent to the dimensionless in situ adsorption coefficient K p . Since X T , ϕ, and K p are known, K L can be calculated.
The kinetic removal of P through slow sorption is described by an empirical relation involving the product of a rate constant k rev (dm 3 mol − 1 yr − 1 ), the difference between the maximum capacity of the aquifer solids for slow sorption (S T in mol dm − 3 ) and the amount of sorbed P (P s-slow in mol dm − 3 ), and the departure of the dissolved phosphate concentration, ΣPO 4 (aq), from an 'apparent' equilibrium value, ΣPO 4 (eq) (Slomp et al., 1998 ; Table 1 ).
This slow sorption process is distinct from the precipitation of P minerals, as it exhibits a maximum sorption capacity (S T ), which is characteristic of the aquifer solid matrix. S T is equal to 0.4 ⁎ Fe(OH) 3 in the Fe oxide-rich aquifer and to 0.55 ⁎ CaCO 3 in the calcareous aquifer (Table 1) . Hence, the sum of X T and S T makes up the total fraction of Fe(OH) 3 or CaCO 3 available for fast and slow sorption, as determined by the P:Fe and P:Ca molar ratios. Both sorption processes are assumed to be fully reversible.
The list of parameters used in the simulations is given in Table 2 . Most of the values were constrained from literature studies, following the general procedure adopted in similar modelling exercises (e.g. Van Cappellen and Wang, 1996; Canavan et al., 2006) . Those denoted as "fitting parameters" were obtained by trial and error by fitting the model to the field data. These include the organic matter degradation rate constants (kf ox1 and kf ox2 ), rate constants for the secondary reoxidation reactions (k nit and k feox ) and the rate constant for slow kinetic P sorption (k rev ). A sensitivity analysis is carried out for the most important model parameters.
Model application

Study sites
Robertson and coworkers have described the geochemistry and hydrogeology of septic system plumes in central Canada in great detail (e.g. Robertson et al., 1991; Wilhelm et al., 1994a Wilhelm et al., ,b, 1996 Robertson et al., 1998; Zanini et al., 1998; Robertson, 2003) . Here, we test our model by using field data from two well-studied domestic effluent plumes (Cambridge and Muskoka; Fig. 1 ) that developed in relatively homogeneous, unconfined sandy aquifers. Wastewater collected in the septic tanks flows predominantly vertically through the aerobic unsaturated sediments of the drain field, where it undergoes significant geochemical changes before reaching the water table. The extent of transformation is determined by the initial composition of the wastewater, the subsurface composition and the physical arrangement of the septic system, such as the distance between the tile bed and the water table (Wilhelm et al., 1994a ). This distance is about 2-3 m at the Cambridge and Muskoka sites. Both flow fields in the saturated zone are largely horizontal and characterized by sharp upper and lower plume boundaries which indicate low lateral and vertical dispersion (Robertson et al., 1991) . Thus, a 1D approximation is adopted to represent the major processes occurring along the narrow plume core, assuming the effluent source to be below the water table. The septic system at the Cambridge site has been operating continuously since 1977, serving a family of four, and is situated on a calcareous (20% w/ w CaCO 3 ) sandy aquifer. The system at the Muskoka site has been operating since 1987 and serves a two-person household. The edge of the tile bed is located 20 m away from Muskoka River and the plume infiltrates a non-calcareous sandy aquifer (∼ 0.5% w/w Fe oxide content).
The main characteristics of the plumes at Cambridge and Muskoka are summarized in Table 3 . Measurements of DOC, O 2 and ΣPO 4 (aq) in the saturated zone along the central flow lines of the Cambridge and Muskoka plumes, as given by Wilhelm et al. (1996) , are presented in Figs. 2 and 3. The data are actual point measurements along the x-z plane of both plumes (and not depth- , assuming a ρ bulk = 1.7 kg dm , respectively (Wilhelm et al., 1996) . At the non-calcareous site, boundary concentrations for DOC and O 2 are set to 0.22 and 0.075 mM, equal to 2.6 and 2.4 mg L − 1 , respectively (Wilhelm et al., 1996) . Modelled DOC refers to the sum of the two fractions, DOC 1 and DOC 2 . The source of measured data is Wilhelm et al. (1996) . Wilhelm et al. (1996) and Robertson (1995) , respectively. The ΣPO 4 (aq) boundary concentration is 0.19 mM (5.85 mg L − 1 ), equal to the average measured concentration below the tile bed after 10, 14, 17 (Robertson, 1995) and 12 years (Wilhelm et al., 1994b ) of loading. Measured and modelled concentrations along the plume centre line at the non-calcareous site for (e) sorbed P, (f ) strengite (FePO 4 .2H 2 O) and (g) ΣPO 4 (aq). Note that the units of the y-axis in (f ) are in μmol/dm 3 . Measured data in (g) are from Robertson et al. (1998) . The boundary concentration of ΣPO 4 (aq) is set to 0.0032 mM (0.1 mg L − 1 ). The concentration at x = 0 m refers to the first sampling point below the water table (∼ 1 m and ∼ 0.5 m at the Cambridge and Muskoka sites, respectively; Wilhelm et al., 1994b Wilhelm et al., , 1996 underneath the middle of the tile bed.
averaged concentrations). The corresponding durations of septic sewage loading at Cambridge are 11 years (O 2 ), 12 years (all data except O 2 ), and 14 and 17 years (ΣPO 4 (aq)). At Muskoka, the duration of loading is either 1.5 years (DOC and O 2 ) or 9 years (ΣPO 4 (aq)). Up to 90% of the DOC present in the effluent is removed through oxic degradation in the unsaturated soil zone (Wilhelm et al., 1994b) . Nevertheless, significant amounts of wastewater DOC reach the water table at both sites. The simultaneous decrease of DOC and O 2 with distance from the tile bed is indicative of aerobic DOC degradation in both plumes. At the Cambridge site, the depressed O 2 levels within the plume core (0.03-0.063 mM) contrast with those in the surrounding groundwater, which typically vary from 0.125 to 0.25 mM (Wilhelm et al., 1994b) . Phosphate is strongly attenuated at both sites, especially at Muskoka. Substantial P removal through mineral precipitation occurs as the effluent passes through the unsaturated zone. This amounts to as high as ∼ 23% at Cambridge and 99% at the Muskoka site . In fact, at the latter site, no P is detected in the groundwater after 1.5 years of infiltration, while after 9 years of operation, the P concentration at 7 m downgradient of the tile field is no more than 0.00065 mM. At Cambridge, the groundwater P concentration below the tile bed varies from 0.16 to 0.23 mM (Wilhelm et al., 1994b; Robertson, 1995) , implying a fluctuating effluent source. Phosphorus declines rapidly to background concentrations within the first 10 m along the flow The solid species are marked with (s). Units: solute (mM), solids (mmol dm − 3 ).
path after 12 years of effluent infiltration (Wilhelm et al., 1994b) . Subsequent monitoring of the P concentrations reveals a steady downgradient plume progression, extending to 15 m after 17 years. Despite the low P concentrations at the Muskoka site, modelling the fate of P in the saturated zone still remains of interest, considering that P concentrations as low as 0.00097 mM (∼ 0.03 mg/L) have been observed to stimulate algal growth in aquatic environments (Dillon and Rigler, 1974; Schindler 1977 ) and thus, off-site migration allows a potential impact to adjacent surface water bodies. At Cambridge, the pH of the plume (not shown) remains near neutral due to the acid buffering capacity of the calcareous aquifer sediments. At Muskoka, however, the effect of acidity production from aerobic degradation and secondary reoxidation reactions causes the pH to drop down to ∼ 4.9 at the water table (Wilhelm et al., 1996) .
Boundary and initial conditions
In the model, we assume a horizontal flow path along the centre of the plume. The solute concentrations at the inlet (x = 0 m) are set equal to the concentration at the first sampling point below the water table underneath the middle of the tile bed (Wilhelm et al., 1994b (Wilhelm et al., , 1996 , assuming a Dirichlet boundary condition (fixed concentration) for all dissolved species. At the downstream outflow (x = L m), a Neumann boundary condition (zero concentration gradient) is imposed. In both cases, the domain length is such that the plumes of the compounds of interest do not reach the outflow boundary. The initial concentrations are equal to the pristine background concentration of each species (Wilhelm et al., 1996) . All boundary and initial concentrations are summarized in Table 4 .
Results and discussion
DOC, O 2 and P dynamics in oxic sewage plumes
Modelled concentrations of DOC, O 2 and ΣPO 4 (aq) are generally within the range of measured values and show the same trends with distance (Figs. 2 and 3 ). This implies that the model reasonably represents the most important processes occurring in the aquifers.
Model results confirm that the decline in O 2 is primarily related to aerobic degradation of DOC, and at the Muskoka site, additionally to the oxidation of effluent Fe 2+ . The effect of nitrification on O 2 removal and NO 3 − production is negligible. Hence, nitrate behaves conservatively in both systems and, therefore, is not discussed further. The rate constants for degradation necessary to fit the measured concentration profiles suggest that the labile DOC fraction at the Cambridge site is one order of magnitude more reactive than at the Muskoka site (kf ox1 = 2.0 yr − 1 and 0.25 yr − 1 , respectively). Since the source of DOC is similar, this difference in DOC reactivity could reflect more extensive degradation in the unsaturated zone at Muskoka. The depth of the unsaturated zone at Cambridge (2 m) is somewhat shallower than that at Muskoka (3 m) (Robertson et al., 1991) . The reactivity of the less labile fraction, DOC 2 , is similar at both sites (kf ox2 = 0.1 yr − 1 ). The values of k nitri and k feox used to fit the O 2 data fall outside the ranges observed in literature. This, however, has no significant effect on P dynamics. Modelled pH values at Muskoka and Cambridge are constant throughout the plume at ∼ 4.9 and 7.1 respectively (not shown).
The model results for ΣPO 4 (aq) show that sorption processes (both fast and slow) are the main mechanisms that limit P plume migration in groundwater. At the Cambridge site, the model also predicts some hydroxyapatite precipitation near the source inlet (Fig. 3b) , which, however, accounts only for a minor fraction of the total P retention. This indicates that hydroxyapatite precipitation is relatively ineffective at controlling P concentrations in oxidizing and calcareous aquifers, as also suggested by Robertson et al. (1998) . Fast sorption accounts for 86% of the total mass loss and is thus the predominant sorption process. Similar results, with 80% of adsorption occurring within seconds, were reported for laboratory experiments with calcite (Kuo and Lotse, 1972; House and Donaldson, 1986) . The calculated (P s-fast + P s-slow ):CaCO 3 ratios at any point along the plume where P retention is taking place vary between 1 × 10 − 4 and 2 × 10 − 3 , and thus also fall within the range observed in experiments (House and Donaldson, 1986; Millero et al., 2001) .
At the Muskoka site, fast sorption is again the main mechanism for P retention (Fig. 3e) . Slow sorption is also important, however, and accounts for 33% of total P sorption, which could be due to the high specific surface area of the Fe oxides (Parfitt, 1989) . In addition, the model predicts some strengite precipitation, as suggested previously by Robertson et al. (1998) . This process is, however, quantitatively unimportant (Fig. 3f ) . Precipitation of vivianite is negligible under oxidizing conditions. Robertson (2003) proposes that variscite precipitation is another important P removal mechanism at this site, particularly in the unsaturated zone. Due to lack of sufficient data to constrain the Al 3+ concentrations, variscite was not included as a possible solid in the saturated groundwater system.
A sensitivity analysis is performed to assess the effects of key model parameters controlling P removal on dissolved P concentrations in the plume (Fig. 4) . Our results indicate that sorption is the major attenuation mechanism in both calcareous and non-calcareous groundwater systems. Phosphorus attenuation through precipitation is marginal, as shown by the model runs that consider removal through precipitation only ( Fig. 4a and d ) and by the model's insensitivity to variations in the kinetic constants that determine P mineral precipitation ( Fig. 4c and f ) . When only precipitation is taken into account in the Muskoka case, an increase in ΣPO 4 (aq) along the flow line is observed as a result of organic matter degradation (Fig. 4d) .
Comparison of the modelled P plumes from runs considering fast sorption or slow sorption only (Fig. 4a) demonstrates that the extent of P removal in the calcareous site is primarily determined by fast equilibrium sorption, which is highly sensitive to the value of K p (Fig. 4b) . In fact, fast sorption alone can reproduce the drop in P at around 10 m observed in the field. In the Fe oxide-rich case, variations in the value of K p cause slight divergences from the background downgradient ΣPO 4 (aq) concentration (Fig. 4e) . If slow sorption is considered on its own (Fig. 4d) , the actual P retention increases due to an enhanced rate of P s-slow formation. This removal is driven by the greater availability of dissolved P that stabilizes at a lower value than that established by the fast sorption (Fig. 4d) .
Scenarios: continued loading and decommissioning
We perform a set of prognostic simulations to assess the progression of the P plume on the short term (by the year 2004) and over longer time periods (next 50 years) in both aquifers. All parameters are assumed to remain unchanged over the time scale of the simulations. At the calcareous site, the P front is expected to have reached 20 m by the year 2004 and ∼ 50 m within the next 50 years (Fig. 5a ). The plume advancement at the non-calcareous site is relatively unimportant (Fig. 5b) , mainly due to the combined effect of a low P loading and high sorption capacity of the aquifer solids for P. If an infiltrating P concentration of 0.19 mM is assumed in both scenarios, the plume in the non-calcareous case travels less than half the distance by the year 2004 and only one fifth of that in the calcareous scenario in the next 50 years (not shown).
Trends in solid phases that attenuate dissolved P indicate a steady increase in the total integrated amount of solid P with time in both cases ( Fig. 5b and d) . In addition, a progressive shift in the prevalence of the solid forms, from P s-fast to P s-slow to P minerals occurs. At the noncalcareous site, P s-slow formation predominates with time, causing a decrease in the total ΣPO 4 (aq). This is followed by a decrease in P s-fast that stabilizes at a lower background value.
In a study by Robertson and Harman (1999) on two decommissioned calcareous septic sites (Langton and Long Point 2), groundwater P concentrations were observed to persist at virtually unchanged levels one year (Langton) or two years (Long Point 2) after active sewage loading had stopped. These authors proposed a number of potential mechanisms to explain the continued Fig. 4 . Sensitivity analyses of processes that remove ΣPO 4 (aq) (a and d). Sensitivity analyses of model parameters that control ΣPO 4 (aq) removal, namely the dimensionless distribution coefficient for fast sorption (K p ; b and e), rate constant for precipitation of hydroxyapatite (k 7 ; c), strengite (k 3 ; f ) and vivianite (k 5 ; f ). Field measurements for the calcareous and non-calcareous sites are taken from Wilhelm et al. (1996) and Robertson et al. (1998), respectively. presence of soluble P, such as desorption, intra-particle diffusion and P mineral dissolution. Here, we investigate the response of a calcareous and non-calcareous aquifer system to a hypothetical discontinuation of the sewage loading in 2004. In these prognostic simulations, the concentrations at the upstream end of the flowpath are set equal to the pristine groundwater concentrations, while initial concentrations are equal to resultant species distributions after 27 or 17 years (year 2004) of sewage infiltration, respectively. All other parameters remain as in the baseline simulations. The present-day position and subsequent propagation of the ΣPO 4 (aq) plumes at specific time intervals after decommissioning are shown in Fig. 6 .
The results show that the P plume is much more mobile and persistent in the calcareous environment than in the Fe oxide-rich aquifer. For instance, in the calcareous case, the plume travels a distance of 10 m within 20 years after decommissioning, as compared to 2 m at the non-calcareous scenario. This difference between the two sites remains when the distance is normalized with respect to the advective velocity ( Fig. 6a and c ; Table 2 ). After 50 years of source decommissioning, the P front at the non-calcareous site disappears completely, whereas further plume advancement is observed at the calcareous site. Interestingly, in the latter scenario, the concentration of P at 25 m from the source after 50 years of source decommissioning is comparable to that predicted after 50 years of sewage loading (Fig. 5a ). This is in line with the conclusion drawn by Robertson and Harman (1999) , that in the case of oxidizing P plumes in decommissioned calcareous systems, downgradient dissolved P concentrations are likely to persist for years. Although no significant changes in dissolved P concentrations were observed in the field during the first few years of source decommissioning, our model results show that considerable attenuation will occur after a few decades.
The total integrated amount of solid-bound P remains essentially constant after discontinuation of the source ( Fig. 6b and d) . However, a gradual interconversion is observed over time at both sites. At the calcareous site, desorbed P s-fast changes progressively to P s-slow and then to the ultimate mineral precipitate, hydroxyapatite (Fig. 6b) . The overall amount of total sorbed P (P s-fast + P s-slow ) decreases from 48.7 mmol dm − 3 m on the date of decommissioning to 40.5 mmol dm − 3 m after 50 years. P s-slow increases at the expense of P s-fast (Fig. 6b) . The ∼ 3-fold increase in total integrated amount of hydroxyapatite (from 1.87 mmol dm − 3 m on the date of decommissioning to 4.76 mmol dm − 3 m after 50 years of decommissioning) shows that mineral precipitation becomes relatively more important on the long term. During the whole time period, the groundwater in the plume remains supersaturated with the maximum SI indices for hydroxyapatite ranging from +6.5 after the first year of decommissioning to + 5.0 after 50 years. Although the relatively slow rate of P precipitation (Freeman and Rowell, 1981; Robertson et al., 1998) limits the aquifer's attenuation capacity, it can still be considered as an effective trapping mechanism for P on the long term.
Phosphorus behavior in the decommissioned Fe oxide-rich scenario is different from the calcareous case. The total amount of precipitated strengite does not vary significantly between the day of decommissioning and 50 years later, and is insignificant compared to the total sorbed P. However, as in the calcareous case, both desorption of P s-fast (Fig. 6c ) and conversion to P s-slow (Fig. 6d) are observed over time.
Role of sorption capacity and DOC loading for N:P ratios
The N and P dynamics in aquifers with high nutrient loading strongly determine the N:P ratio in the groundwater discharge, and thus, the ecological impact on surface waters. In this set of simulations, we use the model setup for the Muskoka site to illustrate the role of the availability of a sorbing phase for P in aquifers for N:P ratios in groundwater discharge. We choose the Muskoka site, because it allows us to assess the full range of possible outcomes, from complete retention of P to the "worse case" scenario where discharge of P occurs despite the presence of Fe(OH) 3 . In the latter scenario, only the N:P ratio of the upstream wastewater-contaminated recharge, (N:P) in , is varied. The (N:P) in ratios vary from 1000, corresponding to the value for the Muskoka site, to 6, which is at the lower range of the typical N:P ratios for sewage effluents (Weiskel and Howes, 1992) . For the entire (N:P) in range, the total septic inflow N concentration is kept constant (NO 3 − = 3.0 mM and NH 4 + = 0.035 mM) while ΣPO 4 (aq) increases from 0.0032 mM to 0.5 mM. The reason why only the P concentrations are varied, is that the main N reaction occurring readily in the oxygenated unsaturated zone involves the transformation of NH 4 + to NO 3 − through nitrification, which does not influence the resultant N:P ratios. We consider aquifers with a wide range of sorption capacities. In each case, 50% of the Fe(OH) 3 is able to sorb P through fast and slow sorption. Sorption capacities vary from 10 − 5 % w/w Fe(OH) 3 , representing aquifers with virtually no sorption capacity, to 5% w/w Fe(OH) 3 . The Muskoka site, with an Fe oxide content of 0.54% w/w, lies in between both limits.
Sensitivity to changes in aquifer sorption capacity and (N:P) in , two of the main site characteristics that affect P transport, is evaluated by recording the pore solution N:P ratio at 20 m downgradient of the tile bed, (N:P) out , after a simulation period of 17 years. This is the number of years the Muskoka site has been in operation until 2004. The selected distance is equivalent to the minimum permissible setback between septic systems and freshwater bodies, as in the case of Muskoka River in the Muskoka scenario (Robertson, 1995) . The effect of denitrification on the (N:P) out is also analyzed in a model run with a high-DOC recharge (50 mg L − 1 or 4.2 mM; equivalent to the DOC concentration in the tile effluent entering the unsaturated zone at the Muskoka site; Robertson et al., 1991) . This is regarded as the upper limit for the DOC concentration reaching the water table in the absence of DOC degradation in the unsaturated zone.
(N:P) out ratios exhibit three distinct regimes as a function of the sorption capacity ( Fig. 7) : an inclined plane at low sorption capacities, a "plateau" of high (N:P) out at high sorption capacities, and a distinct transition zone. At low sorption capacities, a 1:1 relationship between (N:P) out and (N:P) in is observed, due to the low Fe oxide content which causes P breakthrough without any significant attenuation. Thus, in aquifers with sorption capacities lower than 0.02% w/w Fe(OH) 3 , the P concentration of the discharging groundwater is potentially as high as 0.0032-0.5 mM, by far exceeding the 0.6 μM threshold concentration that triggers the development of eutrophic conditions in surface water bodies (Ptacek, 1998) . Corresponding P fluxes range from 0.054 to 9.0 mM m − 2 yr − 1 , and are comparable to rates of submarine groundwater discharge of P into Apalachicola bay, Florida (Corbett et al., 2002) . Sorption capacities higher than 0.02% w/w Fe(OH) 3 are sufficient to attenuate the P plume down to background concentrations, giving rise to elevated (N:P) out ratios. The plateau at high sorption capacities shows that, depending on the combination of sorption capacity and effluent (N:P) in , the (N:P) out ratio could increase by up to four orders of magnitude relative to (N:P) in . The (N:P) out ratio is generally controlled by P retention through sorption, although P mineral precipitation becomes relatively more important over longer time scales.
In all model runs, including the one with a high-DOC infiltrate, the extent of denitrification is limited by DOC availability. This is consistent with various other field and modelling studies of denitrification (Wilhelm et al., 1994a,b; , where the lack of appropriate conditions for denitrification often results in persistently elevated NO 3 − groundwater concentrations. The high-DOC simulation shows a slight decrease in (N:P) out from 6411 to 2512 at Muskoka, as a result of denitrification (not shown). However, the continuous supply of effluent NO 3 − is sufficient to degrade the available DOC pool and to prevent the onset of Fe(OH) 3 reduction, thus allowing the sorption capacity of the aquifer for P to be maintained.
Conclusions
The application of a RTM for N and P biogeochemistry in two aquifers impacted by septic effluent (Cambridge and Muskoka) illustrate that nutrient dynamics in the contaminated groundwaters are strongly dependent on the properties of the aquifer material and the effluent composition. The model predictions for DOC, O 2 and dissolved P concentration profiles are generally in good agreement with the field observations. Our approach, which differentiates P removal into three distinct processes, namely, fast sorption, slow sorption and mineral precipitation, provides a realistic representation of the overall P dynamics. NO 3 − behaves essentially as a conservative tracer in the oxic aquifer systems.
Although significant removal occurs before the P plume reaches the water table, model results show pronounced differences in the downstream dissolved P distributions in calcareous and noncalcareous groundwater systems after plume progression and decommissioning. Attenuation occurs mainly through sorption and to a lesser extent through kinetically-limited precipitation of phosphate minerals. The latter process, however, becomes more important over longer timescales. The precipitation of variscite and another five Fe-P minerals (lipscombite, rockbridgite, beraunite, tinticite and cocaxonite) identified by Zanini et al. (1998) to potentially occur in the unsaturated zone at the calcareous Cambridge site, as well as numerous other Fe-P minerals (Nriagu and Dell, 1974; Nriagu and Moore, 1984) are excluded from the model reaction network. These minerals, however, may also play an important role at the non-calcareous site (Robertson, 2003) . Similarly, P removal through the precipitation of Ca-P minerals other than hydroxyapatite is possible in the calcareous environment (Baker et al., 1998) . Additional time-series monitoring at the Cambridge and Muskoka sites would be useful to validate the prognostic outcome of the model. Coupling the reaction network to a 3D flow model would further provide a more complete description of the plume dynamics, especially when considering continued transport at larger distances away from the source. Model runs with variable aquifer sorption capacities and effluent compositions result in a range of N:P ratios of the discharging groundwater, which varies by up to four orders of magnitude. In aquifers with a low sorption capacity (b0.2 w/w Fe(OH) 3 ), the extent of plume attenuation over a distance of 20 m is very limited. It follows that the standard setback distance between infiltration beds and water bodies could be inadequate in some cases. If an N:P ratio of 16:1, the Redfield ratio, is assumed to be the threshold that determines the limiting nutrient, the discharge of groundwater with a lower N:P ratio, characteristic of aquifers with a low sorption capacity and a low effluent N:P ratio, could potentially drive P-limited systems to N-limitation.
